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Abstract In the 1980s, Danish coastal waters suffered from
eutrophication and several nutrient management plans have
been implemented during the years to improve ecological status. This study aims at giving a holistic ecosystem perspective
on 25 years of mitigation measures. We report trends of nutrient inputs and the responses to these in various chemical and
biological components. Nutrient inputs from land were reduced by ~50 % for nitrogen (N) and 56 % for phosphorus
(P) since 1990. These reductions resulted in significant and
parallel declines in nutrient concentrations, and initiated a shift
in the dominance of primary producers towards reduced phytoplankton biomass (chlorophyll a concentration) and increased cover of macroalgae in deeper waters. In the last
5 years, eelgrass meadows have also expanded towards deeper
waters, in response to improving water clarity. An expected
improvement of bottom water oxygen conditions has not been
observed, presumably because more frequent stratification
and higher water temperatures have counteracted the expected
positive effects of reduced nutrient inputs. The biomass of the
benthic macrofauna decreased as expected, but it was composed of a drastic decline of filter feeders paralleled by a more
moderate increase of deposit feeders. This shift was most likely induced by increasing stratification. The reduced benthic
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filtration along with the limited eelgrass cover probably kept
relatively more particles in suspension, which can explain
why improvements in the Secchi depths were modest.
Overall, several ecosystem components demonstrated clear
signs of improvement, suggesting that at least partial recovery
is attainable. On this basis, we propose a conceptual scheme
for recovery of shallow coastal ecosystems following marked
reductions in nutrient inputs.
Keywords Benthic macrofauna . Eelgrass . Macroalgae .
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Introduction
Eutrophication from nutrient over-enrichment has deteriorated
coastal ecosystems worldwide (Conley et al. 2000; Cloern
2001; Boesch 2002; Kemp et al. 2005a, b). The effects include
a series of changes starting with increased pelagic primary
production which initiates a cascade of processes leading to
increased phytoplankton biomass (Cloern 2001), reduced water clarity, reduced benthic primary production (Sand-Jensen
and Borum 1991; Duarte 1995), and increased secondary production of benthos in areas not affected by oxygen deficiency
(Josefson and Rasmussen 2000). In addition, eutrophication
stimulates development of harmful algal blooms, hypoxia in
bottom waters, associated fish kills, and severe changes in
pelagic and benthic food web structure, including reduced
species richness in areas affected by oxygen deficiency (e.g.,
Conley et al. 2007) and overall changes of biogeochemical
pathways (Boesch et al. 2001; Kemp et al. 2005a, b;
Carstensen et al. 2014). All these changes in the functioning
of the coastal ecosystems also influence ecosystem services
and associated activities, including tourism and commercial
and recreational fisheries.
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Danish estuaries and coastal waters were markedly affected
by eutrophication during the twentieth century. Increasing nutrient inputs from agriculture, industry, and urban areas were
discharged into these shallow marine environments, accelerating between 1950 and the mid-1980s, and resulting in all the
well-known signs of eutrophication (Conley et al. 2000;
Carstensen et al. 2006; Conley et al. 2007). Atmospheric deposition was negligible compared to ot her sources.
Particularly, events of widespread oxygen depletion in the
1980s prompted political action. Since 1985, a number of
Danish mitigation measures have been implemented to reduce
nutrient losses from three sectors: (i) agriculture, (ii) urban
waste water treatment plants, and (iii) industries with separate
discharge. The first national Action Plan for the Aquatic
Environment (APAE) was enacted in 1987, followed by other
APAEs in the following decades including more efficient nutrient management measures to achieve an overall objective of
reducing nitrogen (N) and phosphorus (P) discharges by 50
and 80 %, respectively (Kronvang et al. 2008). Whereas the
first APAE was effectively targeting point sources, the following action plans were more directed towards diffuse sources.
The Danish APAEs as well as European directives such as
the Water Framework Directive rest on the fundamental tenets
that ecosystem degradation is a fully reversible process and
hence, that ecosystems can be recovered to an environmental
healthy state upon removal of pressures following the same
pressure-state relationships during degradation and recovery.
However, while the eutrophication process leading to ecosystem degradation is well studied and understood, our knowledge on coastal ecosystem recovery following significant nutrient reductions is limited and suffers from scarcity of longterm large-scale ecosystem studies. Existing studies indicate
that complete recovery of coastal ecosystems to a previous
baseline is rarely a realistic assumption (Lotze et al. 2011;
Duarte et al. 2015) because degradation and recovery typically
follow different non-linear pressure-response pathways and
the interaction of multiple pressures may lead to shifts in baseline conditions (Duarte et al. 2009; Carstensen et al. 2011;
Taylor et al. 2011).
Alternative stable regimes, i.e., the differential response to
the same pressure level depending on ecosystem state, has
been identified as a widespread phenomenon in coastal ecosystems (Duarte et al. 2009; Kemp et al. 2009) that can delay
recovery for decades (Borja et al. 2010; Jones and Schmitz
2009) or even centuries (Gonzales-Correa et al. 2005). Such
hysteresis effect results from the existence of stable states
being buffered by feedback mechanisms (Scheffer and
Carpenter 2003; Duarte et al. 2009; Kemp et al. 2009), and
implies that pressures need to be reduced beyond the threshold
levels originally causing the degradation in order to allow
recovery. For example, positive feedbacks exist between
dense seagrass meadows, sediment stability, and water clarity
and act to stabilize the seagrass state, but if the meadows are
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lost, the bare state is buffered by sediment resuspension and
high turbidity which impede reestablishment of seagrass, and
as a result two alternative states can exist at the same pressure
level (Carr et al. 2010; van der Heide et al. 2011). Other
examples of buffering mechanisms include barriers to internal
recycling of nutrients and release of hydrogen sulfide from
sediments (Carstensen et al. 2014), and control of algal biomass by herbivores (Cloern et al. 2007). Once the ecosystem
is altered by nutrient over-enrichment, the nature of buffering
processes is altered and hence difficult to re-establish (Kemp
et al. 2005a, b). Degradation and recovery therefore typically
follow different non-linear pathways or trajectories (Munkes
2005; Kemp et al. 2009; Villnäs et al. 2011), with only few
examples of full recovery (Greening et al. 2011; Carstensen
et al. 2013).
In addition, coastal ecosystems affected by eutrophication
may become more sensitive to other pressures such as climate
change and fishery (Justíc et al. 1996; Baden et al. 2012),
reducing the rate of recovery and likely altering achievable
restoration targets (Carstensen et al. 2013). Consequently,
the use of conceptual and numerical models to test recovery
and restoration scenarios as well as legislative frameworks
focusing on specific targets, measures, and tolerable deviations often lack information from empirical data for
validation.
Here, we present a data-driven long-term analysis and narrative of recovery of temperate coastal marine ecosystems in
Denmark. We present results from a large-scale nutrient reduction experiment initiated through the Danish APAEs. The
study covers a period starting with excessive nutrient inputs
during the 1980s (Conley et al. 2007) and describes coastal
ecosystem responses to measures taken to reduce nutrient inputs (Kronvang et al. 2008). During the last three decades,
agricultural practices have changed and sewage treatment
from urban settlements and industries has improved. As a
result, nutrient inputs to the Danish marine waters have been
reduced considerably. We report trends and delays in responses of various ecosystem components to these nutrient
reductions. Nearly three decades after the first mitigation measures were implemented, all key ecosystem components (central chemical and biological variables) show evidence of a
gradually healthier coastal ecosystem.

Materials and Methods
Study Sites
We examined 45 estuarine and coastal sites scattered across
Denmark that have been regularly monitored as part of the
Danish National Aquatic Monitoring and Assessment
Program (DNAMAP). The majority of the study sites (29)
are from the Kattegat and Belt Sea areas, i.e., the transition
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area between the brackish Baltic Sea and the saline North Sea
and Skagerrak (Fig. 1). The five sites on the west coast of
Denmark are influenced by north-flowing nutrient-rich waters
from the southern North Sea. Two of these sites are located in
the Wadden Sea, and two other sites represent lagoonal systems, where the exchange with the North Sea is controlled by
sluices. A total of 10 sites are located in the Limfjorden complex, a shallow (mean depth 5.5 m) strait connecting the North
Sea to the west and the Kattegat to the east. Due to the dominating westerly winds, the transport of water is generally
from the west to the east in this system. Finally, there is a
station near Bornholm, an island in the southern Baltic Sea.
The study sites are located in a mid-latitude temperate climate zone with an average annual water temperature around
10 °C. Average salinities cover a broad span ranging from 7 to
31 among sites due to mixing of brackish Baltic Sea water
with saline water from the Skagerrak and inputs of local freshwater. Danish estuarine and coastal ecosystems are for the
most part shallow with residence times ranging from a few
days up to several months (Conley et al. 2000). Tidal influence
is small (<0.5 m), except for the Wadden Sea region (1.2–
2.0 m), and wind conditions generally govern water transports
and vertical mixing in these shallow systems. Thus, stratification patterns vary greatly among sites and over time depending on water depths, density differences, and wind exposure.
Land use in the watersheds is dominated by agriculture
(~65 %; Windolf et al. 2012) with tiled soils in many areas,
enhancing the loss of nutrients to estuaries and coastal regions.
As a consequence, Danish estuaries and coastal waters are
nutrient-rich ecosystems with a strong benthic-pelagic coupling due to their shallowness resulting in high biomass of
benthic fauna in several of the estuaries (Conley et al. 2000;
Josefson and Rasmussen 2000).
In connection with the APAE, a national aquatic monitoring program (DNAMAP) was established and a full program
was running since 1989, to evaluate the efficiency of measures
taken as well as to assess expected recovery of estuarine and
coastal ecosystems. Data collection and analysis were undertaken by local authorities following common guidelines
which have been continuously updated (http://bios.au.dk/
videnudveksling/til-myndigheder-og-saerligt-interesserede/
fagdatacentre/fdcmarintny/ta2011-2015/). Data from DNAM
AP and regional monitoring programs previous to DNAMAP
(1981–2013) were examined to describe changes in nutrient
inputs from land resulting from nutrient management policies
and the responses of estuarine and coastal systems to these
changes. Water quality and density profiles (to express water
column stratification) were measured at all 45 sites, whereas
eelgrass, macroalgae, and benthic macrofauna (details given
below) were monitored at 39, 36, and 43 of the sites,
respectively. Whereas data series on physical-chemical conditions started in 1981, most of the biological data series started
in 1989/1990.
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Nutrient Inputs
Inputs of total nitrogen and phosphorus (TN and TP, respectively) from land to coastal waters included both diffuse and
point sources. TN and TP concentrations have been measured
at 169 freshwater stations with a sampling frequency of 12–26
per year. TN and TP concentrations were determined by means
of colorimetric methods (Danish Reference laboratory).
For the gauged catchments (57 % of total area), daily concentrations of TN and TP were estimated by linear interpolation between grab samples, and nutrient inputs were calculated by multiplying daily TN and TP concentrations with continuously measured freshwater discharges. For the ungauged
catchment, freshwater discharge was provided from the 3Dhydrological model MIKE SHE adjusted for seasonal bias
(Henriksen et al. 2003; Windolf et al. 2011). Gross outlets of
TN and TP from diffuse sources were calculated by combining monthly modeled freshwater discharge and discharge
weighted monthly concentrations of TN and TP from empirical models derived on measured data from 83 (N) and 24 (P)
gauging stations with no significant sewage outlets (Windolf
et al. 2011; Andersen et al. 2005). Adding the outlets of nutrients with sewage in the ungauged catchments and
subtracting estimated nutrient retention in streams and lakes
then provided the total monthly nutrient load from ungauged
catchments (Windolf et al. 2011, 2012).
Nutrient inputs from all point sources were also measured
with a high frequency, which allowed for partitioning riverine
nutrient inputs into diffuse and point sources. However, for the
1981–1989 period, TN and TP inputs from point sources were
estimated as means for the entire period due to sparse data and
diffuse nutrient inputs were estimated by extrapolation (scaling up) from five larger gauged catchments. Thus, estimated
nutrient inputs from these earlier years were more uncertain
than for the following years.
Water Quality Measurements
Sampling and measurements of TN, TP, chlorophyll a, the
Secchi depth, and oxygen were carried out by different institutions and laboratories but followed a common set of technical guidelines and procedures. The 45 study sites (Fig. 1) were
sampled 12–46 times per year. TN and TP concentrations
were measured (by colorimetric methods), and chlorophyll a
was analyzed on filtered samples, extracted in acetone (1981–
1984) or ethanol (1985 onwards) according to Strickland and
Parsons (1972). Oxygen was measured from CTD-profiles
and calibrated by Winkler-titration for each profile.
Benthic Vegetation Monitoring
Total macroalgal cover and the cumulative cover of the
macroalgal community were estimated along depth gradients
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Fig. 1 Map of Denmark with
coastal monitoring sites. The
encircled areas represent sites
situated at the Wadden Sea and at
the Limfjord

(sites) once every summer (May–September) by divers. The
divers visually recorded the percent cover of the total erect
macroalgal community and of individual erect algal species
(i.e., excluding the crust-forming algae) relative to the hard,
stable substratum within patches of 25 m2 seabed along depth
gradients (0–22 m). The hard substratum primarily consists of
stones and boulders, which are scattered on the seafloor as a
result of postglacial erosion processes. Total algal cover was
assessed as a percentage between 0 and 100 % while cumulative cover was calculated by summing the cover percentages
of all individual erect macroalgal species and exceeded 100 %
when the community formed multiple layers. Only data from
depth ranges where physical disturbance was considered not
to limit macroalgal cover were included (see specifications in
Krause-Jensen et al. 2007b).
The depth extension of eelgrass (Zostera marina) meadows
on soft/sandy seafloors was also estimated once annually between June and September along depth gradients (sites) extending from the shore to the deepest occurrence of eelgrass.
The maximum depth limit (i.e., the depth of the deepest shoot)
as well as the maximum depth of 10 % eelgrass cover (main
depth limit) were identified primarily by diver observations
but in recent years increasingly by underwater video surveys
after testing that this change of method did not significantly
affect the results.
Benthic Macrofauna Monitoring
Macrofaunal biomass was monitored at 43 of the study sites
with replication at grid areas having up to 50 sampling points.
Sampling gears utilized were from the quantitative Van Veen
Sampler, covering ca. 0.1 m2 bottom area and the smaller
HAPS sampler covering 0.012–0.014 m2 bottom area. In principle, samples were taken in all months of the year, but most
samples (~50 %) were from May. Extraction of fauna followed the HELCOM guidelines (www.helcom.fi) using sieves

with 1-mm mesh. Fauna was determined to the lowest possible taxon, typically species, enumerated and weighed.
Biomass was recalculated from wet or dry weight (including
shells or other calcified structures) and expressed as ash-free
dry weight (gram AFDW m−2) as described by Josefson and
Rasmussen (2000). Total biomass was divided into filter feeder biomass represented by bivalve biomass, and remaining
biomass which in the following is referred to as depositfeeding biomass, since it was dominated by deposit-feeding
species. Prior to the statistical analysis, the median of replicates within grid areas was computed to reduce the large spatial patchiness.
Statistical Analyses
For all monitoring components, data were heterogeneously
distributed over time and space due to changes in the monitoring program over time and incomplete sampling due to
weather conditions. Consequently, we employed a statistical
method (for details, see Carstensen et al. 2006) that accounted
for this heterogeneity by decomposing variations in data into
spatial variation (between sites as well as monitoring stations/
transects nested within sites), seasonal variation (between
months of sampling), and trend (between years of sampling).
For macroalgae cover, the depth of the observations and the
amount of hard substratum were also taken into account as
covariates (details in Krause-Jensen et al. 2007a), and cover
was modeled for a common water depth of 10 m. The separation of sources of variation for the different components was
carried out by means of generalized linear models (GLM),
where log-transformations were applied to nutrient and chlorophyll a concentrations, cumulative cover of macroalgae, and
macrofauna biomass (variables having a pronounced rightskewed distribution and variation scaling with the mean).
Logistic transformation was applied to total algal cover (variable constrained to 0–100 %) and no transformation was
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applied to the Secchi depth, oxygen concentration, and eelgrass depth limits. Trends for the various components were
found as the marginal distributions of the yearly mean values
back-transformed to their original scale using the inverse
transformation (Carstensen et al. 2006, Krause-Jensen et al.
2007a, b). A 5-year moving average was employed to the
yearly means for displaying a smooth trend to illustrate the
evolving tendencies of the time series. Furthermore, decadal
changes in the seasonal pattern were examined from the GLM
by allowing the monthly means in the model to vary between
decades.
We examined patterns of stratification over time by calculating density differences in water column profiles, using
change in water density, ΔσT =0.5 as a threshold for separating between mixed and stratified conditions (Conley et al.
2007). The probability of observing stratified conditions during the summer period (June–September) was calculated with
a GLM (as for nutrients above) for each year using stratified
versus mixed conditions as a binomial variable, accounting for
differences in sampling between sites and months. Similar to
the other variables, the long-term tendency for the frequency
of stratification was illustrated by running a 5-year moving
average across the yearly probability of stratification.
Changes over time in the different ecosystem components
were tested using a General Additive Model (GAM), which
examines the significance of both linear trends and higher
order trends by means of a spline function. The different time
series were all analyzed for trends using annual means from
the same years (1990–2013) in order to compare different
responses to nutrient reductions that mainly took place from
the onset of this period.
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Fig. 2 Trends in nutrient inputs from diffuse and point sources for a total
nitrogen (TN), b total phosphorus TP, and c flow-weighted concentrations
of TN and TP. Note different scaling in c. TN and TP inputs during 1981–
1989 were estimated as means for the entire period due to sparse data, and
diffuse nutrient inputs were estimated by extrapolation (scaling up) from
five larger gauge catchments

Results and Discussion
Trends in Nutrient Inputs
Land-based TN and TP inputs to Danish coastal waters have
been reduced significantly during the last three decades
(Fig. 2, Table 1). In the 1980s, TN inputs were 80–120,
000 t N year−1 (19–28 kg N ha−1 year−1) with approximately
75 % from diffuse and 25 % from point sources. Improved
sewage treatment in the 1990s reduced nitrogen inputs from
point so urc es by ~75 % to a cu rrent level of 5–
6000 t TN year−1. Nitrogen inputs from diffuse sources were
more gradually reduced between 1990 and 2013, resulting in
an overall reduction of 43 % when adjusted for inter-annual
variation in freshwater discharge (Fig. 2c).
At the agricultural field level, the nitrogen surplus was
halved from levels >400,000 t N year−1 in the early 1990s
(Windolf et al. 2012; Blicher-Mathiesen et al. 2014). This
reduction was achieved through APAE requirements for manure storage capacity, rules for timing and application

technique of manure, maximum limits to the amount of N
which may be applied to different crops, and wetland restoration increasing the N retention in surface waters. In most
Danish catchments, the response times from measures to effects on stream concentrations are fast, although a few catchments show delayed responses (several years to decades), because of dominating flow through deep groundwater (Windolf
et al. 2012).
TP inputs from point sources were significantly reduced by
>90 % since the mid-1980s due to improved sewage treatment
(Fig. 2), whereas inputs from diffuse sources have not been
reduced overall; although some indications of minor reductions in diffuse P pollution were observed in 14 out of 31
minor streams draining farmed land (Windolf et al. 2011).
Although the reduction in both TN and TP inputs was substantial, the present annual inputs (55,000 t N year −1 ,
2400 t P year−1) are still markedly higher that the baseline
loads of TN and TP estimated at 13,000 t N year−1 and
730 t P year−1 (Kronvang et al., in press).
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Table 1 Trends in response to
nutrient management plans
(1990–2013)

87

Variable

Slope linear trend

p (linear)

p (spline)

TN input from land
TP input from land
TN concentration

−1.89 106 kg year−1
−0.112 106 kg year−1
−1.09 μmol L−1 year−1

0.0016
<0.0001
<0.0001

0.5372
<0.0001
0.2377

TP concentration
Chlorophyll a

−0.028 μmol L−1 year−1
−0.057 μmol L−1 year−1

<0.0001
<0.0001

<0.0001
0.1341

Secchi depth
Oxygen concentration
Macroalgae total cover

0.001 m year−1
−0.009 mg L−1 year−1
0.69 % year−1

0.9126
0.5433
0.0007

0.1206
0.7228
0.6722

Macroalgae cumulative cover
Eelgrass maximum depth
Eelgrass main depth

1.49 % year−1
−0.006 m year−1
−0.006 m year−1

0.0182
0.1172
0.1657

0.4429
0.0080
0.0041

Biomass macrofauna
Biomass deposit feeders
Biomass filter feeders

−0.185 g AFDW m−2 year−1
0.089 g AFDW m−2 year−1
−0.307 g AFDW m−2 year−1

0.0085
0.0020
<0.0001

0.2145
0.0141
0.0662

For each ecosystem component, the linear trend and significance as well as the significance of higher order trend
(spline) is listed. Significant trends (p<0.05) are highlighted in bold

Trends in Nutrient Concentrations
TN concentrations in Danish estuaries and coastal waters
largely followed the trends in nitrogen inputs, decreasing from
an almost constant level around 50 μmol L−1 before 1995 to a
present level of about 25 μmol L−1 in 2013 (Fig. 3a). The
decreasing tendencies were observed throughout all months
of the year, albeit reductions were largest in winter and spring
(Fig. 3b). Highest TN levels were measured in February decreasing from a mean of 82 μmol L−1 in the 1980s to
44 μmol L−1 in the most recent decade. Similarly, TN levels
from May to October dropped from around 40 to 20 μmol L−1
over this time period. The decrease in TN concentrations was
consistent with reduction in nitrogen inputs from APAEs
targeting diffuse sources.
TP concentrations also followed the trends in phosphorus
inputs, decreasing from an almost constant level around
2.2 μmol L−1 before 1990 and with a rapid decline over the
next 6–8 years followed by a more modest decrease to the
present level of around 1 μmol L−1 (Fig. 3c). The seasonal
trends had a pronounced higher TP level during late summer
(July to September) in the first decade (2.6 μmol TP L−1 during 1981–1989) but this was gradually reduced by 50 % in the
following decades. Phosphorus inputs in the 1980s were dominated by point sources that display a weak seasonal pattern.
Consequently, the TP increase in late summer was mainly
driven by sediment releases. Over the study period, the dominant phosphorus input from land changed from point to diffuse sources (Fig. 2), leading to relatively larger inputs over
winter. Thus, the increased TP concentration during late summer in recent years suggests that there is still a considerable
internal input of phosphorus despite that this source has diminished over time.

TN and TP concentrations displayed different trends,
mirroring the reduction patterns in the land-based inputs
(Fig. 2, Table 1). The first APAE gave improved sewage treatment, which had a large effect on phosphorus concentrations,
whereas the following APAEs targeted mainly nitrogen losses
from agriculture, and were implemented ca 5 years later and
over longer periods. These out-of-phase reductions changed
N/P ratios in estuaries and coastal areas, shifting towards
stronger potential phosphorus limitation in the 1990s and increasing potential nitrogen limitation thereafter.
Trends in Phytoplankton
Annually, mean chlorophyll a concentrations showed a maximum at 7 μg L−1 in 1985 with a steady decrease thereafter to
the present level of ~2.5 μg L−1 (Fig. 4a). The seasonal chlorophyll a pattern in the 1980s was almost unimodal (Fig. 4b),
mimicking seasonal changes in solar irradiance and temperature. This unimodal shape of the chlorophyll a seasonal pattern was probably maintained by a continuous and high supply of nutrients from point sources throughout all seasons
during the 1980s, alternating with periods with nutrient limitations. Inputs from diffuse sources are relatively low during
the productive season. This suggests that phytoplankton
growth was not strongly limited by the availability of nutrients
in these years compared to the shapes for the other decades.
Moreover, it is unlikely that phytoplankton growth was light
limited during the productive season from March to October
in these shallow microtidal estuaries and coastal waters, where
the Secchi depths (see below) largely match water depths
(71 % are less than 4 m deep; Conley et al. 2000). In the
1990s and later, a more characteristic bimodal seasonal pattern
emerged with a pronounced spring bloom, as expected in
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Fig. 4 Trends in chlorophyll a concentrations. a Annual mean
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which dropped from the 1980s and remained constant afterwards; consistent with the changes in TP concentrations
(Fig. 3c). On the other hand, the continuous decline in chlorophyll a from the mid-1990s until present was mainly related
to decreasing nitrogen levels. This is observed by decreasing
chlorophyll a concentrations in May–October, when phytoplankton growth is mainly nitrogen limited. Decreasing N/P
ratios, as experienced since the 1990s, will extend the summer
nitrogen limitation further into the spring period. Our results
demonstrate that controlling both nitrogen and phosphorus is
important for reducing the effects of eutrophication (Conley
et al. 2009).
Trends in Water Clarity
Light attenuation and thus water clarity was quantified as the
Secchi depth (Fig. 5). The Secchi depth increased from about
4.2 m in early 1980s to 5.1 m in 2013; however, the uncertainty of the mean estimates was larger in the beginning of the
period due to fewer stations and lower sampling frequency.
The most pronounced increase in the Secchi depth from the
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nutrient-limited mid-latitude coastal ecosystems (Wasmund
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ecosystems, the spring bloom is mostly fueled by new production, utilizing nutrients accumulated during the lightlimited winter period, whereas production in the following
months is increasingly based on regenerated nutrients
(Carstensen et al. 2003).
Changes in the grazing pressure exerted by filter feeders
can induce large changes in the phytoplankton community
(Cloern et al. 2007; Petersen et al. 2008), but such changes
would be most prominent in the warmer summer months and
not in April–May, where the largest change in chlorophyll a
were experienced (Fig. 4b).
Many Danish estuaries display phosphorus limitation in
spring switching to nitrogen limitation in early summer
(Conley et al. 2000). Upgrading the sewage treatment plants
strongly reduced phosphorus inputs to estuaries and coastal
waters in Denmark, increasing the potential phosphorus limitation during spring. The effect of phosphorus limitation in
spring is further supported by the peak of the spring bloom,
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1980s to the 1990s was observed in April–May, consistent
with decreasing chlorophyll a concentrations (Fig. 4b). Both
observations were in agreement with low and limiting concentrations of inorganic phosphorus during the spring, and previous results have demonstrated significant correlations between P-loading, primary production, chlorophyll concentration, and water clarity (Timmermann et al. 2014). Overall,
there was a reasonable agreement between the trends of decreasing chlorophyll and increasing the Secchi depth.
However, this does not imply that chlorophyll was responsible
for the observed changes in light attenuation. In fact, results
have shown that chlorophyll accounted for a small fraction,
often less than 20 % (Pedersen et al. 2014), of light absorption
and attenuation. The opposite trends for chlorophyll and the
Secchi depth were therefore most likely due to a decrease in
productivity and organic matter in the systems.
Although recent improvements in the Secchi depth have
been modest, the use of the Secchi depth as a measure of water
clarity might actually overestimate the improvement in light
levels at depth. Pedersen et al. (2014) showed that in the
Roskilde Fjord (one of the study sites), there has been a systematic increase in the product of the light attenuation coefficient and the Secchi depth (Kd×ZSD), which reflects the percentage of surface light at the Secchi depth. In the Roskilde
Fjord, this dimensionless product increased from 1.8 to 2.2
between 1985 and 2008–09, implying that less light was available at the Secchi depth during 2008/9 as compared to 1985.
This change reflected a decrease in scattering due to lower
concentrations of particles (Pedersen et al. 2014). The implication of this relative shift in light attenuation between scattering and absorbance is that benthic flora is likely to change
less than improvements in the Secchi depth may predict. A
large decrease in particulate organic matter following nutrient
reductions was also reported in Limfjorden, whereas inorganic
particles increased most likely due to loss of eelgrass
meadows and benthic filter feeders (Carstensen et al. 2014).
These studies support that nutrient reduction in general improves water clarity, but these trends can be confounded with
changes in other light-attenuating substances. For the spring
period, however, there was a direct and immediate response
between water clarity and P-loading.

Trends in Bottom Water Oxygen
Despite significant reductions in nutrient inputs, there were no
significant changes in summer oxygen concentration in waters
below the pycnocline (Fig. 6a). Actually, the frequency of
oxygen depletion increased during the 1990s (Fig. 6b), most
likely due to more frequent stratification of the water column
during this period (Fig. 6c). Stronger stratification may be
explained by an overall decrease in the summer wind speed,
and increasing bottom water temperatures further stimulates
oxygen consumption and oxygen depletion (Conley et al.
2007). This suggests that the expected improvement in oxygen concentration from nutrient reductions may have been
counteracted by changing climate. The potential effect of wind
and temperature can be exemplified by relatively high oxygen
concentration in the windy (i.e., low frequency of stratification) and cold summer of 1993, even though large nitrogen
inputs may have stimulated production and subsequently oxygen consumption.
Most of the shallow estuaries and coastal areas in Denmark
are intermittently stratified (Conley et al. 2000), and during
periods of stratification oxygen in bottom waters is gradually
utilized due to the high respiration rates in the sediments during summer. If the bottom layer is thin, the oxygen pool may
deplete within a few days. The lower average wind speed
observed since 1990 (Conley et al. 2007) not only increased
the frequency of stratification, but most likely also increased
the periods with stratified conditions. However, the mean oxygen concentration (June–September) remained stable around
4 mg L−1 during the study period despite an expected longer
duration of stratified conditions, which suggests that oxygen
consumption may have decreased since 1990.
Trends in Benthic Flora
The relatively long life-span of benthic macroalgae and
seagrasses implies that they can integrate and reflect the ecological quality over multiple years. Light energy is the main
regulator of the abundance of vegetation in deeper waters,
determining the depth extension of the plants (Markager and
Sand-Jensen 1992). Hence, macroalgal cover in deeper water
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and the depth limit of eelgrass depends on light attenuation in
the water column as well as on the abundance of epiphytes and
drifting algae, which is generally favored by high nutrient
supply (Duarte 1995; Cloern 2001; Kemp et al. 2005a, b).
Macroalgal vegetation is typically dense and multilayered
in moderately exposed areas where incident light levels exceed 10–15 % of surface irradiance and gradually thinner
towards the boundary of the photic zone. On average for the
studied ecosystems, total macroalgal cover at 10 m depth
ranged between 54 and 86 % and cumulative cover between
69 and 148 % with minimum levels recorded in 1994 and
2004 and maximum levels in 2006 (Fig. 7a, b). Macroalgal
cover exhibited an overall increase from 1990 to 2013 despite
marked year-to-year variation; total cover increased by 0.69 %
per year and cumulative cover by 1.49 % per year over this

period (Table 1). This increase in algal cover mirrored the
observed decline in TN and chlorophyll a concentrations
(Figs. 3 and 4) and occurred even though the Secchi depths
solely increased during the most recent years and not during
the period 1990–2013 as a whole (Fig. 5, Table 1). Probably,
macroalgal cover was favored by reduced cover of drifting
macroalgae (Rasmussen et al. 2014) and epiphytes during this
period. The positive coupling between macroalgal cover and
total N concentration matches findings from earlier studies in
the region (Krause-Jensen et al. 2007a, b).
The shallow and relatively protected Danish coastal waters
with predominantly soft and sandy seafloors constitute a key
habitat area for eelgrass despite marked declines in area distribution and depth extension over the past century (Boström
et al. 2014). On average, eelgrass meadows occur from the
shore to maximum water depths of 3–4 m with the deepest
shoots generally extending 0.3–0.4 m deeper (Fig. 7c) than
the edge of the meadows as defined by 10 % cover (Fig. 7d).
The average annual depth extension was associated with a large
standard error reflecting a marked variation among coastal
areas with eelgrass not extending deeper than 1.6 m in the most
turbid inner estuaries and growing deeper than 7 m in the
clearest outer estuaries and open coastal areas. Across the period 1990–2013, eelgrass depth limits showed no significant
trend (Table 1). However, while the meadows tended to gradually retract to shallower waters from 1989 until 2007/2008,
they have extended to increasingly deeper waters over the past
5 years and in 2013 they were very close to the maximum
extension for the entire monitoring period. The light regime is
the most important factor regulating eelgrass depth limits
(Stæhr and Borum 2011), and this positive development is
likely a consequence of the increase in water clarity in recent
years (Fig. 5), possibly also stimulated by reduced cover of
drifting macroalgae in the meadows (Rasmussen et al. 2014).
Trends in Benthic Macrofauna
Inter-annual changes in benthic macrofauna biomass over the
period 1989–2013 were substantial (Fig. 8), displaying significant decreasing trends for the filter feeders and total macrofauna community and significant increasing trend for deposit
feeders (Table 1). Total macrofauna biomass decreased gradually from around 14 to 10 AFDW m−2 (Fig. 8a). Filter feeders
(mainly Mytilus edulis, Mya arenaria, and Cardium spp.) dominated the total macrofauna biomass in the 1990s, but the biomass of this group decreased by factor of 3, from about
9 g AFDW m−2 in 1989 to approximately 3 g AFDW m−2 in
recent years (Fig. 8b), whereas the biomass of deposit feeders
(mainly polychaetes and Hydrobia spp.) almost doubled from
the 1990s to the most recent decades (Fig. 8c).
The observed trends in macrofauna biomass during the last
two decades are results of decreasing nutrient inputs (Fig. 2)
and lower phytoplankton biomass (Fig. 4). Lower nutrient
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inputs reduces primary production and hence food supply for
benthos (both filter feeders and deposit feeders), with a lower
standing stock of macrofauna as a consequence (Pearson and
Rosenberg 1978; Josefson and Rasmussen 2000; Nixon and
Buckley 2002). Hypoxic conditions also have a large impact
on macrofauna biomass, but oxygen concentrations remained
rather stable over the study period (Fig. 6a). Mussel dredging
may also have impacted the macrofauna community, but mussels are harvested only from a subset of the coastal monitoring
sites and decreasing trends were also observed in areas not
exposed to mussel dredging (data not shown). Therefore, it
is most likely that the decreasing macrofauna biomass resulted
from nutrient reductions.
However, the shift between decreasing biomass of filter
feeders and increasing biomass of deposit feeders is intriguing. Filter feeders are decoupled from their food source during
periods of stratification, and the large decline in filter feeder
biomass is probably linked to a combination of lower phytoplankton biomass (Fig. 4) and increasing stratification in summer (Fig. 6c). The reduced filter effect implies that more particles are kept in suspension in the water column, which affects light conditions negatively. This could explain why the
Secchi depths did not respond more clearly to lower nutrient
inputs and phytoplankton biomass (Figs. 2 and 4). Particles in
the water column eventually reach the seafloor, increasingly
by sedimentation over time, delivering food to deposit feeders.
Thus, deposit feeders have benefitted from the increasing
stratification, despite an overall decrease of food availability.

Synthesis
Our results document long-term trends in physicochemical and
biological ecosystem components in Danish estuaries and
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coastal waters during a 25-year period of reductions in nutrient
inputs. Overall, the ecosystems exhibited trends of recovery
towards better environmental status, and pathways of recovery
differed among ecosystem components (Figs. 9 and 10).
Direct Effect of Nutrient Reductions
The first recovery pathway was a direct response of reduced
nutrient concentrations (Fig. 3a, c), mimicking the reduction
patterns of the inputs (Fig. 2a, b). TP inputs dropped substantially during the 1990s, as a response to the improvements in
the urban waste water treatment plants and industries with separate discharge, but the relative reductions in TP concentrations
were not as large as the reductions of inputs from land (Fig. 9a).
This difference in trends during the 1990s suggests that other
inputs of phosphorus became increasingly important over time,
i.e., imports from the open waters and releases of iron-bound
phosphate from the sediments during periods of low oxygen
concentrations (Conley 2000; Carstensen et al. 2014). Since
2000, however, TP concentrations in the open coastal waters
and, thus, the import of phosphorus from this source have
remained relatively constant (Hansen 2012). However, TP concentrations continued to decrease after 2000, particularly during the summer-autumn period (Fig. 3d), suggesting a continued gradual depletion of the internal phosphorus pool. This
depletion process may continue for some time still, but the
small difference in the seasonal patterns in water column concentrations in the last two decades (Fig. 3d) indicates that the
internal inputs are also stabilizing.
TN inputs from land and TN concentrations in estuarine and
coastal waters decreased almost in parallel, although the trends
suggest a delay in the response of TN concentrations from the
beginning of the period until 2009 (Fig. 9a). Moreover, whereas the TN inputs have stabilized over the last 5 years (Fig. 2a),
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TN concentrations continue to decrease (Fig. 3a), underlining
the delay in response. This delay is most likely due to continued
reduction in internal N-inputs from sediments (ammonium and
nitrate) in combination with decreasing TN inputs from the
open waters which show continued reduction in TN concentrations (Hansen 2012). Lower concentrations of particulate nitrogen in the water column, as reflected by the trends in TN and
chlorophyll a concentrations (Figs. 3a and 4a) contribute to
reducing the nitrogen pool in the sediments.
Combined Effect of Nutrient Reduction and Increasing
Stratification
The second recovery pathway describes the combined effect
of nutrient reductions and increasing stratification.

Fig. 9 Relative responses of a physical and chemical conditions and b
biological components in Danish coastal waters (1990–2013). Curves are
derived from the smooth GAM (General Additive Model) trends applied
to the annual means in Figs. 2–8 using 1990 as reference for all
components

Chlorophyll a concentrations decreased following reductions
in nutrient concentrations, but the decline was relatively
smaller than for nutrient concentrations (Fig. 9a). This may
be due to increased stratification during the same period.
When the water column is mixed, filter feeders possess the
capacity to filter the entire water column up to several times
per day, removing a large fraction of particles ranging from
nanometer to millimeter scale (Petersen 2004; Riisgård et al.
1995). However, increasing stratification acts to decouple filter feeders from phytoplankton and thereby results in reduced
benthic grazing and, consequently, higher chlorophyll a concentrations. On the other hand, it is also possible that the
increasing stratification caused a shift from benthic to pelagic
grazers such as ciliates and copepods.
Increased stratification of the water column reduces the
supply of oxygen from the productive surface layers to bottom
layers and hence acts to reduce oxygen concentrations below
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Fig. 10 Simplified sketch showing the interpretation of how reduced
nutrient loads to the marine environment affect the measured
parameters shown as boxes (same colors used as in Fig. 9a, b). Primary
processes and functions shown as black thick arrows between boxes and
additional key couplings are shown by gray thin arrows. Chemical/
physical parameters comprise nutrient load to the water body (stipulated
black box), water column nutrient concentrations (black box), and the
Secchi depth (i.e., light penetration; blue box). Biological parameters

comprise chlorophyll (i.e., microalgae; green box), eelgrass (olive box),
macroalgae (brown box), deposit feeders (orange box), and filter feeders
(yellow box). Downward and upward solid arrows show decreasing and
increasing values, respectively, resulting from the reduced nutrient load.
Water column stratification (red box), uncoupled from nutrient load has
increased during the reporting period as a result of lesser wind and higher
water temperatures

the pycnocline. Warming amplifies this effect by stimulating
respiration rates and reducing the solubility—and hence the
concentration of oxygen (Rabalais et al. 2009). However, as
mean oxygen concentrations during summer remained stable
over the study period, the negative effects of increased stratification and warming must have been counter-balanced by
declining oxygen demands over the study period. The declining trends in chlorophyll concentrations (Fig. 4) reflect declining phytoplankton primary production which likely resulted in
reduced oxygen demand from degradation of organic material
(Conley et al. 2007). Decreasing total macrofauna biomass
(Fig. 8) also suggests that less organic material was produced
in the water column over the study period.
We further hypothesize that increased stratification caused
the change in composition of the benthic macrofauna from
dominance of filter feeders towards dominance of deposit
feeders (Fig. 8), with possible ramifications for sediment stability (see below).

(one of the sites used in the overall analysis) despite almost
50 % reductions in nutrient levels and increasing levels of
inorganic suspended solids (mostly silt and clay particles).
TOC is mostly dissolved material originating from autochthonous sources (Carstensen et al. 2013). Increasing trends in
TOC and inorganic suspended solids can be linked to three
mechanisms: (1) more particles remain suspended in the water
column due to decreasing filtration from benthic filter feeders,
(2) enhanced releases of dissolved organic material, and (3)
enhanced sediment resuspension. The first mechanism has
already been discussed in the previous section. As for the
second mechanism, organic material stored in the sediments
can be mobilized by activity of many deposit feeder species
(Rhoads and Boyer 1982; Probert 1984), and the increasing
abundance of deposit feeders may have enhanced the release
of dissolved organic material from sediments.
Regarding the third mechanism, the shallow and decreasing eelgrass depth limits up to 2008 probably contributed to
enhanced sediment resuspension and poor water clarity.
Dense eelgrass meadows have a stabilizing effect on sediments by dissipating wave energy and thereby promoting particle trapping and water clarity (Carr et al. 2010). Hence, dense
meadows facilitate their own existence and expansion via positive feedback effects (van der Heide et al. 2011; McGlathery
et al. 2012). The meadows also stimulate carbon and nutrient
retention as well as habitat and biodiversity, and hence, in
several ways contribute to resilience and functionality of the
coastal ecosystem (Gutiérrez et al. 2011; van der Heide et al.

Feedback Effects from Sediment Resuspension
The third recovery pathway described feedback mechanisms
acting through the sediments. Surprisingly, the Secchi depth
did not improve after 1990 despite decreases in chlorophyll a
concentrations (Fig. 9, Table 1). Consequently, the concentration of other light-attenuating substances must have increased.
Carstensen et al. (2013) reported unaltered levels of total organic carbon (TOC) in the water column in the Skive Fjord
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2011; McGlathery et al. 2012). By contrast, resuspension of
sediments in periods of reduced eelgrass cover, as was the case
in Danish coastal waters after decades of substantial eutrophication, hampers reestablishment of the meadows (Carr et al.
2010; Krause-Jensen et al. 2012; Carstensen et al. 2013).
Eutrophication also changes the sediment composition towards higher organic content and finer particles which render
the sediments less suitable for anchoring and growth of eelgrass (Koch 2001; Valdemarsen et al. 2010; Krause-Jensen
et al. 2011). High cover of drifting algae in eelgrass meadows
during the 1990s (Rasmussen et al. 2014) may have contributed further to the delayed reestablishment.
A more detailed analysis of changes in the Danish eelgrass
meadows showed that the first signs of improvements in depth
extension upon reduced nutrient inputs and improved water
clarity were observed for the most well-established meadows
in the outer parts of the fjords, where the positive feedbacks
were likely strongest (Hansen 2012). This pattern is in accordance with the findings of van der Heide et al. (2011) that the
seagrass-sediment-light feedback is a dominant mechanism in
exposed coastal areas. The well-established meadows also
extended to deeper waters where resuspension was likely less
pronounced and may have contributed to their faster recovery.
In the current study, macroalgal cover responded faster to
reductions in nutrient inputs than did eelgrass (Fig. 9), and
this difference in response might also be explained by the algal
community representing deeper waters (7 m) and hard bottom
substrates where resuspension is less pronounced and water
clarity probably responds faster to reduced nutrient levels than
at the shallow eelgrass sites. The deeper extension of the
macroalgal community is due to the much lower light requirements than for eelgrass (Sand‐Jensen et al. 2007). Macroalgae
which reproduce via spores also have the capacity to recover
faster (from year to year, e.g., Moy and Christie 2012) while
eelgrass depends on slow vegetative expansion or sexual reproduction with seedling survival as an important bottle neck
(Olesen and Sand-Jensen 1994).
The reduction in filter feeder density, e.g., reduced cover of
mussel banks, may also have enhanced sediment resuspension
by exposing more of the sediment surface area to near bottom
water currents. Moreover, it is known that some deposit
feeders by their reworking activities may destabilize the surface sediments (Rhoads and Boyer 1982; Probert 1984).
However, more firm conclusions on whether or not destabilization due to deposit feeders is the case here, must await a
more detailed study of species composition.
Conceptual Management Framework for Recovery
Duarte et al. (2009) outlined a range of conceptual models for
the degradation and recovery of coastal ecosystems that included trend reversal, shifting baselines, and regime shifts.
Our results fit well within this framework by illustrating all
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these recovery trajectories as explained in detail below
(Fig. 10).
Nutrient trends were reversed with a direct and almost proportional response in nutrient concentrations to the nutrient
management plans. These results demonstrate that nutrients
in coastal ecosystems are tightly coupled to watershed processes and that nutrient concentrations can be controlled quite
effectively by regulating the sources. Although our results
indicate minor delays in nutrient responses, these time lags
are small compared to the time frames of implementing nutrient reduction measures.
Increasing stratification during the study period changed
the baseline of the chlorophyll a response by reducing the
benthic grazing pressure. This shift in baseline could be due
to a change in the regional wind patterns from climate change
or it could be part of a decadal oscillation in the dominant
summer wind regimes. We do not know if the present frequency of stratification represents a general change or an anomaly.
Recovery is likely to accelerate if summer wind conditions
increases in the future, since this will increase the benthic
filtration and enhance the light regime, allowing eelgrass to
spread more widely and establish deeper populations. On the
other hand, it is also possible that the generally windier summers of 1980s partly dampened the negative effects of eutrophication, i.e., eutrophication effects would have been much
worse if the stratification pattern had been similar to that observed in the most recent decade. Thus, frameworks for nutrient management should also consider changes in other ecosystem pressures, even though some of these might be
uncontrollable.
Positive feedbacks between eelgrass distribution, sediment
resuspension, and light conditions are likely to maintain a
turbid state for longer periods, despite reductions in phytoplankton biomass observed over the last couple of decades.
Similarly, an alternative clear state may exist for the same
nutrient pressure, sustained by the same positive feedbacks
between widespread eelgrass meadows, low sediment resuspension, and clear water. The constant Secchi depth since
1990, while large decreases in nutrient inputs have occurred,
suggests that two alternative stable states could exist. Whether
the current light regime will remain stable over longer periods
of time with the current nutrient pressure is not known, but the
recent improvements in eelgrass depth limits may indicate that
a transition from turbid to clear water is ongoing. Feedback
processes are likely to accelerate recovery, implying that such
a transition can happen over shorter periods of time, maybe
within a decade. This recovery was even further accelerated
with lower frequency of stratification and increasing benthic
filtration. Thus, the combination of feedback processes and
shifting baselines have delayed eelgrass recovery considerably, but it is plausible that the positive tendency over the last
5 years signals a beginning regime shift towards a clearer
state. However, such transition can be sensitive to climatic
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perturbations that may either slow down or accelerate the recovery process. The extent to which important coastal ecosystem components, such as eelgrass meadows, will maintain or
even extend their key role in Danish coastal waters is therefore
not easily predicted, but requires continued monitoring.
Our analysis is focused on bottom-up effect of nutrients in
the control of the coastal ecosystems and has less emphasis on
top-down effects of grazing and food web changes as the
monitoring data do not allow large-scale analysis of topdown control. We acknowledge that top-down processes via
changes in the food web can affect the ecological quality as
well (Carpenter et al. 1987; Nielsen and Richardson 1996;
Scheffer et al. 2001) via grazing and predation by fish, jellyfish, and zooplankton. While data on the importance of pelagic food webs would have strengthened our analysis of longterm changes, our results strongly support that excessive increases and decreases in nutrient inputs from land have been
the key driver of changes in Danish coastal ecosystems.
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